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Abstract The relevance of soil greenhouse gas
(GHG) fluxes from temperate floodplain forests has
yet remained elusive. We studied the soil methane
(CH,), nitrous oxide (N,0) and carbon dioxide (CO,)
dynamics at three forest sites along a flooding gra-
dient in the Danube National Park (Austria) to esti-
mate annual GHG budgets and to assess if and how
seasonal flooding affects individual GHG fluxes.
Soil surface GHG fluxes were determined along
with GHG concentrations in soil air and pore-water
at a non-flooded (NF), an infrequently-flooded (IF),
and a frequently-flooded (FF) site. Both study years
were characterized by dry summers, and only the
FF site was flooded during the study period. Soils at
all sites were annual CH, sinks (NF: — 4.50+0.85,
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IF: — 2.54+0.57, FF: — 0.67+1.06 kg CH,-C
ha™! year™!) and the sink strength correlated posi-
tively with soil moisture. Pulse-like CH, emissions
were not observed during or after flooding. Soil
N,O fluxes showed large temporal and spatial vari-
ations, without any significant differences between
sites (average NF: 6.5+7.1, IF: 10.4+14.3, FF:
9.4+10.5 ug N,O-N m™2 h™'). Pulse N,O emis-
sions (up to~80 pg N,O-N m~2 h™!) occurred during
freeze/thaw events, but not during or after flooding.
Mean annual soil CO, effluxes at NF and IF were
9.4+1.1 and 9.4+2.1 t C ha™! year™!, respectively.
Soil CO, efflux was significantly higher at the FF site
(18.54+6.21 t C ha™! year™!). High soil air CO, con-
centrations (> 10%) in aerated deeper soil layers indi-
cated a substantial contribution of the usually water-
logged sub-soils to the summertime soil CO, efflux at
the FF site. Overall, our results suggest that the stud-
ied temperate floodplain forest soils do not absorb/
emit substantially more CH, and N,O than soils of
comparable upland forests, whereas low groundwater
level can lead to periodically enhanced CO, emis-
sions from normally waterlogged soil layers.
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Introduction

Floodplain forests comprise~5% of the European
forest area (Barbati et al. 2011) and there is a trend
towards further areal expansion due to on-going eco-
logical revitalization and the re-connection of flood-
plains to the main river bodies (Schiemer et al. 1999;
Hein et al. 2016). Periodic flooding is the main fea-
ture that distinguishes floodplain forests from their
upland counterparts. The unique and dynamic con-
nection between terrestrial and aquatic ecosystems
accelerates biogeochemical processes, such as carbon
(C) and nitrogen (N) cycling (McClain et al. 2003;
Krause et al. 2017), thereby potentially triggering the
production and release of greenhouse gases (GHGs)
from the forest soils. In contrast to upland forests, soil
GHG fluxes in temperate floodplain forests, such as
those along the Danube River, are yet poorly studied
and quantified.

Floodplain forest soils have been suggested to
sequester C globally (Dybala et al. 2019), and along
the Danube river in particular (Zehetner et al. 2009).
The production and efflux of CO, from temperate
floodplain forests should therefore not exceed the C
input in form of plant litter and the sedimentation of
organic matter. The few studies that reported soil CO,
fluxes along individual Danube tributaries found that
CO, fluxes from the floodplain soils were comparable
to those from surrounding temperate upland forests
(Batlle-Aguilar et al. 2012; Acosta et al. 2017). While
there is accordingly less evidence that soil CO, fluxes
of temperate floodplain forests differ much from those
of upland forest, the tight connection to the river and
to the groundwater system could promote the produc-
tion of methane (CH,) and nitrous oxide (N,O). For
instance, the floodplain forests in the Amazon basin
have been identified as significant natural CH, and
N,O sources to the atmosphere (Pangala et al. 2015;
Figueiredo et al. 2019). However, even in large-scale
European research projects of the last 20 years (Car-
boEurope IP, Carbomont, Nitroeurope etc.) soil CH,
and N,O fluxes of temperate floodplain forests were
mostly overlooked.

Soil CH, fluxes might particularly be affected
by the duration and frequency of flooding. Expan-
sion of anaerobic microsites (e.g. during flooding or
with changes in the groundwater table) can shift the
balance from microbial CH, consumption towards
net CH, production, and thereby turn the soil from a
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CH, sink into a source of CH, (Soosaar et al. 2011;
Pugh et al. 2018). Temporary CH, pulse-emissions
could further be triggered by physical force, such as
pressure driven gas flow or ebullition; e.g. if CH,
captured in the pore space of deeper soil layers is
replaced by flood- or groundwater (Bartlett et al.
1990; Minnistd et al. 2019). The magnitude of the
CH, flux could as well be influenced by physical
soil characteristics, which determine the ability to
drain the access water past surface flooding.

Previous research in riparian wetlands and forests
has demonstrated the effects of flooding, groundwa-
ter table fluctuations and soil oxygen availability on
nitrification and especially denitrification processes
(Pinay et al. 2000; Hefting et al. 2004, 2006; For-
shay and Stanley 2005; Burgin and Groffman 2012;
Welti et al. 2012; Shrestha et al. 2014). However,
soil N,O emissions were rarely measured in tem-
perate floodplain forests, and the effects of flooding
on actual N,O fluxes has remained unclear. Fur-
thermore, existing field studies often lack the high
temporal measurement frequency that could eventu-
ally identify hot moments of N,O release from the
soil (Burgin and Groffman 2012; Batlle-Aguilar
et al. 2012; Batson et al. 2015; Petrakis et al. 2017;
Machado dos Santos Pinto et al. 2020).

Based on that, we designed a case study encom-
passing three sites along a flooding gradient in the
floodplain forests of the Danube River, to quantify
soil CO,, CH, and N,O fluxes and to assess the
influence of the local environment and of flooding
on GHG fluxes. We hypothesized that (I) flood-
ing causes soil CH, pulse emissions (short-term
increases by an order of magnitude or more) and
that (II) the soil N,O efflux significantly increases
during post-flooding periods, with high soil mois-
ture contents. Under non-flooding conditions, flood-
plain forest soils are expected to act as CH, sinks
and as N,O sources. We further hypothesized that
(III) the soil CO, efflux is reduced during water-
logging periods, but is promoted during inter-flood
periods, due to the then favourable soil moisture
conditions. Overall, we hypothesized that flooding
significantly increases the annual site-specific soil
GHG global warming potential (particularly due
to elevated CH, and N,O emissions), when com-
pared to those of non-flooded sites and other upland
forest.
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Materials and methods
Site description

The study was conducted in the Danube National
Park in Austria, a semi-natural temperate flood-
plain area, which covers approximately 10.000 hec-
tares along the Danube River, south of the city of
Vienna. The national park’s land-cover consists of
65% forests, 15% meadows and 20% water bodies,
and has a long history of land use, including water
regulation, logging, and agriculture (https://www.
donauauen.at/der-nationalpark/zahlen-daten-fak-
ten). Along the national park, the Danube River has
the character of an alpine stream. River discharge
ranges from 600 to 900 m> sec™! at low flow condi-
tions and up to 8500-11,000 m? sec™! in the event
of a 100-year flood, causing large fluctuations of
the water table with up to seven meters in height.
A dam (the “Marchfeld dike”, completed in 1905)
prevents flooding of the most northerly park areas
and their surroundings.

Mean annual temperature (between 1981 and
2010), measured at the close by meteorological sta-
tion of GroB-Enzersdorf, is 10.3 °C. Mean annual
precipitation during the same period was 567 mm,
with peaks during spring and summertime (data
from the Zentralanstalt fiir Meteorologie und Geo-
dynamik 2020).

Three forest sites were selected in a sector of the
national park near the village of Stopfenreuth (48°
08’ 39.7" N 16° 53’ 03.7" E). Sites were selected
along a~1 km transect, consisting of a non-flooded
site (NF) outside the Marchfeld dike (146.8 m
a.s.l.), an infrequently flooded site (IF), which is
flooded approximately every 5-10 years (143.7 m
a.s.l.), and a lower lying (139.7 m a.s.l.), frequently-
flooded site (FF, several inundations per year) near
a detached Danube side arm. Mature stands of pre-
dominately silver poplar (Populus alba L.) com-
prised the vegetation at the FF and IF sites, while
mature common ash (Fraxinus excelsior L.) domi-
nated the forest stand at NF. The parent material
of the soils is a carbonate-rich gravel layer, several
meters in thickness. Soils at NF and IF were clas-
sified as Calcaric Fluvisols and those at FF as Cal-
caric Gleysols (FAO 1998).

Soil parameters

Three randomly distributed soil pits were excavated
at each site. In each soil pit, a single soil sample was
taken at 5, 15, 25, 40 and 75 cm depth (sample cyl-
inder centre) and considered as being representative
for the 0-10, 10-20, 20-30, 30-50, and 50-100 cm
soil layers. Stainless-steel cylinders (7.4 cm diameter,
5 cm height) were inserted laterally into the profile
wall to obtain the soil samples. Soil bulk density was
determined by dividing the oven dry soil mass by the
cylinder volume. No coarse fragments (stones, roots)
were present. Soil texture was determined on a single
soil profile at each site. All other soil parameters were
determined for all three soil profiles. Soil physico-
chemical analyses were carried out following inter-
national guidelines for forest soil monitoring (Cools
and De Vos 2016). Briefly, air dried soil was sieved
to 2 mm, and soil texture and particle-size distribu-
tion were determined using the pipette method. Soil
pH was potentiometrically measured in a 0.01 M
CaCl, slurry, using a soil-to-solution ratio of 1:5 (v/v)
(Metrohm pH Meter 713, Metrohm, Herisau, Switzer-
land). A Scheibler calcimeter was used to measure the
soil CaCO; content using the classic gas-volumetric
technique. Total soil C (C,,) and total soil N (N,)
were determined by dry combustion using a LECO
C/N TruMAC Analyzer (LECO, Saint Joseph, MI,
USA). Soil organic C (Corg) contents were calculated
as the difference between C,; and soil CaCOj; content.

Environmental parameters

Soil temperature and soil moisture were continuously
measured in one profile at 5, 15, 30, 50, 100 cm soil
depth of each site using GS3 probes (Decagon, Pull-
man, WA, USA). The sensors were inserted laterally
into the wall of a single soil pit at each site (pits were
refilled thereafter). Temporal resolution was 30 min
and data were stored on EM 50 dataloggers (Deca-
gon, Pullman, WA, USA). In addition, soil tempera-
ture (5 cm depth) and soil moisture (0-20 cm depth)
were measured manually during all GHG measure-
ment campaigns adjacent to each soil GHG cham-
ber, using a portable thermometer and a Field Scout
TDR Moisture Meter (Spectrum Technologies Inc.,
Aurora, IL, USA). The GS3 sensors, as well as the
Field Scout moisture sensors were calibrated for site
specific soil pre-conditions by installing them in an
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excavated undisturbed soil block (30x30 cm vol-
ume) in the laboratory at various levels of soil water
content (actual soil moisture was determined from
actual fresh weights and the bulk densities of the
soil blocks). Precipitation and air temperature were
obtained from the close-by ZAMG weather station
in GroB-Enzersdorf. Hourly resolved Danube water
levels were obtained from the freely accessible data-
base “https://www.noel.gv.at/wasserstand” (location
“Wildungsmauer”).

Soil solution and surface water chemistry

At each site, one soil pit was equipped with ceramic
suction cups at 15, 30, 50, and 100 cm soil depth for
soil solution sampling. The suction cups were con-
nected to water storage bottles and a pump which
induced a constant under-pressure of 0.30 bar. The
pump was activated every 2 h for a period of 30 min.
The storage bottles were emptied every 10-20 days.
Dissolved organic carbon (DOC) and total dissolved
N (TDN) in the soil solution were measured after
filtration (cellulose acetate filters, 0.45 pum) using a
Total Organic Carbon Analyser (TOC-L CSH/CSN,
Shimadzu, Kyoto, Japan) including a Total Nitrogen
Unit (TNM-L, Shimadzu, Kyoto, Japan). Ammonium
(NH,*) and nitrate (NO;~) concentrations in the soil
water were determined using ion chromatography
(Dionex ICS-1000, Thermo Fisher, Waltham, MA,
USA).

While suction cups at the FF site yielded sufficient
amounts of soil solution during most of the sampling
dates and across all soil depths, the soil solution yield
at the NF and the IF site were limited due to technical
problems and due to the dry summer conditions. All
suction cups at the NF and IF sites lost their ceramic
tips and needed replacement, which took place in
spring 2018. At the NF site the soil solution yield
was further limited by periodic pump failures, leaving
only two sampling occasions with sufficient soil solu-
tion yield for analyses.

Monthly average Danube surface water NH,* and
nitrate NO;~ concentrations were derived from the
freely available water quality database: Wasserinfor-
mationssystem Austria—WISA; H20 Fachdatenbank
(https://wasser.umweltbundesamt.at/h2odb/index.
xhtml). At the FF site, surface (flood) water was sam-
pled (3 times) during an intensive flood-measurement
campaign in March 2019. In addition, soil solution
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(at 30, 50 and 100 cm depth) was sampled during the
flood event in parallel with surface GHG measure-
ments (5 times) by directly withdrawing soil solution
from the installed gas capillary tubes (see below).
All samples were filtered and analysed as described
above.

Soil greenhouse gas measurements

Soil air CO,, CH,, and N,O concentrations, and soil
surface GHG fluxes were measured manually every
3 weeks from April 2017 until April 2019. Measure-
ments took place between 9 am and 2 pm in random
order, to avoid confounding effects due to potential
diurnal variations in soil GHG production/consump-
tion. To gain a higher temporal resolution, an auto-
mated GHG sampling system was installed at each
site to capture soil surface fluxes in daily resolution
throughout the study period. We further performed
an intensive manual measurement campaign dur-
ing a flood-event in March 2019, to investigate GHG
fluxes during an and across an inundation event.
Ground vegetation (primarily Galanthus nivalis and
Allium wursinum L. during springtime) was left in
place in chambers during manual CH,/N,O meas-
urements and in the auto-chamber, but was removed
from the separate collars installed for soil CO, efflux
measurements.

To determine GHG concentrations in soil air at
different depth levels, soil air was sampled across
one single soil profile at each site. An excavated
soil pit was equipped with stainless steel capillaries.
The steel capillaries ended in~5 cm long perforated
Teflon tubings, which were horizontally inserted
30 cm into the pit-wall (at soil depths of 5, 15, 30,
50, 100 cm), to avoid any disturbance due to the soil
mixing during pit re-filling. The capillary end reach-
ing out of the soil was connected to a three-way Luer
lock for gas sampling with a syringe. After flushing
the Luer lock and the needle, aliquots of 15 ml gas
were drawn from each capillary and injected into pre-
evacuated 12 ml glass vials. Soil air CO,, CH,, and
N,O concentrations were measured using gas chro-
matography as described further below. During pore
water sampling, we also determined dissolved GHG
concentrations. In the field, we collected a 5 ml water
sample into a 20 ml syringe drawing in additional
15 ml of synthetic air, closing the stopcock, and shak-
ing the syringe for 3 min to equilibrate the air and
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water sample. We then transferred 12 ml of the gas
to 10 ml pre-evacuated glass vials for gas chromato-
graphic measurements of GHGs. Pore-water GHG
concentrations were calculated as described in Ding
et al. (2004). We simultaneously used the capillaries
as a mean to roughly estimate the groundwater level,
depending on if we sampled air or water from a cor-
responding soil depth-layer.

Six 1x1 m plots (n=6) were established at each
site for manual soil surface GHG flux measurements.
The plots were randomly distributed within an area of
25x%25 m. Each plot was equipped with one opaque
static chamber (diameter 30 cm, height 15 cm) for
soil CH, and N,O flux measurements and one base-
collar (diameter 10 cm, height 4 cm) for soil CO,
flux measurements. All chambers and collars were
inserted 3 cm into the mineral soil to generate a suf-
ficient sealing. One plot at each site was arranged in
a way that the measurement chambers were located
directly above the steel capillaries for soil air GHG
concentration sampling (as described above). Soil
surface CH, and N,O fluxes were manually measured
by closing the static chambers with sealed lids. The
chambers were closed for 20 min and 25 ml air sam-
ples were drawn at time 0, 5, 10 and 20 min by insert-
ing a syringe (glass, 50 ml) needle through a rubber
septum. Gas samples were immediately injected into
pre-evacuated 20 ml glass vials and stored until anal-
ysis. For the intensive flood-measurement campaign,
we constructed floating chambers (static, same size,
same closure times as described above) to measure
GHG fluxes from the water surface.

Soil CO, efflux was measured manually with a
portable EGM4 infrared gas analyser (PPSystems,
USA) attached to a SRC1 soil respiration chamber
(PPSystems, USA). For measurements, the SRCI
chamber was placed on the pre-installed collars.
Closing time was 90 s and the CO, flux was calcu-
lated from the linear increase in headspace CO,
concentration.

For the determination of daily variations (1/day),
GHG fluxes were measured using an automated gas
sampling system (AGPS—patent DE 198 52 859).
The system has been described in detail in (Kitzler
et al. 2006). Gas samples (0, 45, 90 min) were taken
automatically between 9 and 11 am. The sampled soil
area was (0.7x0.7 m). The headspace volume of the
chamber was 49 1. The fraction collector had a capac-
ity of 40 headspace vials (20 ml), and power was

supplied by 2x 12 V/DC batteries. Gas samples were
collected from this device every 13 days and stored
in the laboratory at 4 °C until analysis. During flood-
ing (at FF), the chamber lid of the automated system
was removed and temporarily stored at the installed
towers, to prevent damage from floodwater. Cham-
bers were immediately re-installed after floodwaters
receded.

All collected gas samples were analysed with a gas
chromatograph (AGILENT 6890 N, Palo Alto, CA,
USA) equipped with a ®*Ni-electron-capture detector
(ECD) for N,O and a flame ionization detector (FID)
for CH,. An Argon-methane mixture was used as
carrier gas for ECD, with a flow rate of 9 ml min~!,
while helium served as the carrier gas for the FID
(flow rate: 15 ml min~!). Calibration was performed
using gas standards with 1.11, 2.11 and 3.98 ppm
CH, and 1.02, 1.95 and 4.05 ppm N,O. Methane and
N,O fluxes were calculated as described in Metcalfe
et al. (2007):

GHG flux = AC/At 27315/ (T ;, + 273.15)

% p/1000 = M/22.41 x V/A,

where GHG flux is the hourly flux of the respec-
tive GHG, AC/At is the concentration change (ppb)
over time (h), T,;, is the air temperature (°C), p is the
atmospheric pressure (Pa), M the molecular weight
(g mol™!), 22.41 is the molar volume of an ideal
gas at standard temperature and pressure (1 mol™"),
V is the chamber volume (m?), and A is the cham-
ber area (m?). The term (T, +273.15) is used for the
conversion of air temperature from degree Celsius to
degree Kelvin. For calculation of CH, fluxes, M is
12.01 g mol~" and flux units are pg CH,-C h™! m~,
respectively. For calculation of N,O flux, M is
28.02 g mol™! and flux units are pg N,O-N h™! m~2,
The criteria for a valid single flux measurement being
distinguished from zero was an R?>0.7 (Welch et al.
2019) and a value above the limit of detection limit
(LOD) of the gas chromatography system of +2.52 g
CH,-C m™* h™! (4 data points), and +0.53 ug N,0O-N
m~ h™!, respectively (Parkin et al. 2012). Changes
in GHG concentrations with R><0.7 and smaller
values than the LOD were visually checked and zero
flux was assigned to those if the regression line was
horizontal.

The global warming potential (GWP) was cal-
culated based on annual (2018) sums for all three
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GHG fluxes investigated. The net GWP was calcu-
lated based on the 100-year climate warming factor,
with GWPs 27.2-times and 273-times (IPCC, 2021)
higher for CH, and N,O than for CO,, respectively.
To account for warming potentials on a shorter time-
frame we alternatively calculated the 20-year GWPs
using conversion factors of 80.8 and 273 for CH, and
N,O, respectively (IPCC 2021). GWPs are expressed
in CO, equivalents (CO,eq) in t ha™! year™!. To esti-
mate if C from inorganic sources (e.g. degassing of
the carbonate system of the groundwater or Danube
water) significantly contributed to the soil CO, fluxes,
the C isotope ratios of soil air and surface CO, fluxes
were assessed during three sampling dates (May 18,
August 07, November 23 in 2018). Additionally, the
C isotope ratios of C,,, were assessed once from a
single soil pit per site (same depths as for other soil
parameters). The C isotope ratios of CO, and of
Coro Were analyzed by continuous-flow isotope-ratio
mass spectrometry (IRMS) on a Delta V Advantage
Isotope Ratio Mass Spectrometer coupled to a Gas-
Bench system or an elemental analyser (Thermo
Fisher Scientific, Bremen, Germany) at the Univer-
sity of Vienna. To assess the isotopic signature of soil
respired CO,, the Keeling plot approach was used
(Keeling 1958). The intercept of a linear regression
of 8'3C of sampled CO, versus 1/[CO,] provides an
estimate of 8'°C of soil-respired CO, (where [CO,]
was the CO, concentration in %). Before C,,, meas-
urements carbonates were removed from ground soil
aliquots (~50 mg) by reaction with 0.5 mL 2 M HCI,
followed by drying and mixing.

Data analyses

Manual soil GHG flux measurements were up-scaled
to annual cumulative fluxes by means of linear inter-
polation between consecutive measurement dates for
each individual plot during 2018, the study year with
a full annual record. Site differences between soil
GHG fluxes were tested by one-way repeated meas-
ures ANOVA, followed by Tukey post-hoc tests, with
p values being adjusting using the Bonferroni method.
Data were square root transformed if normality
assumptions tested via Shapiro—Wilk-Test were not
met. Sphericity was accounted for using the Green-
house—Geisser correction. To test for differences in
soil physio-chemical parameters (C,, content, C,,
stock, N, content, N, stock, C/N, bulk density, soil
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pH, carbonate content) across sites and soil depth lay-
ers, we applied two-way ANOVA and Tukey post-hoc
tests. Correlation coefficients between environmental
parameters (soil moisture and temperature) and GHG
fluxes, as well as correlation coefficients between soil
GHG fluxes and soil air GHG concentrations at each
individual site, were calculated using Pearson cor-
relations. Additionally, to evaluate relations between
GHG fluxes, GHG concentrations in soil and top-
soil physico-chemical properties (C-, N-, carbonate-
contents, bulk density, soil-texture, -temperature
and -moisture) across sites, we performed principal
component analysis (PCA). All statistical analy-
ses were performed with R Version 3.5.1, using the
packages “rstatix” (Kassambara 2021) for ANOVA
and “Ggally” (Schloerke et al. 2018) for correlation
analyses. The relative biotic (SOM decomposition,
microbial respiration) and abiotic source contribu-
tions to the soil CO, efflux (bedrock weathering and/
or degassing of abiotic CO, from groundwater) were
estimated following a two pool mixing model with
the isotope signatures of soil organic matter (C,,)
as proxy for < §°CO, of microbial respiration and
a 61°C signature of 0%o for the abiotic (carbonate)
source (Schindlbacher et al. 2015).

Results
Soil physico-chemical parameters

Carbonate contents of the mineral soils were high
(>20%) at all three sites (Fig. S1). Average carbon-
ate contents were significantly higher at the FF site,
when compared to the NF and FF sites (p<0.05).
Soil pH values ranged between 7.2 and 7.8 and were
highest at the FF site (Fig. S1). Soil texture was domi-
nated by silt (>60%) at all three sites. Sand contents
increased with soil depth and dominated (50-60%) in
the deepest soil layer at the NF and IF sites (Fig. S2).
Clay contents gradually decreased with soil depth at
the NF and IF sites, but were generally higher at the
IF than at the NF site (Fig. S2). At FF, sand contents
showed irregular depth patterns, with highest sand
contents at 20-30 cm depth and the lowest (~10%)
sand content in the deepest soil layer (Fig. S2). Soil
organic C contents were highest in the topsoil layer
(0-10 cm) at all three sites (Fig. 1). They decreased
gradually with soil depth at the NF and IF sites, but
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Fig. 1 Organic carbon
(Co,g) contents (a), 5011. 0-10-
C,,. stocks (b), total soil

or
nitrgogen (N, contents (c),
and soil N, stocks (d) at
different mineral soil layer
depths (Means +SD). FF
frequently-flooded site,
IF infrequently-flooded
site, NF: Non-flooded site.
Different letters indicate
statistically significant dif-
ferences (p <0.05)
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remained constant between 10 and 100 cm at the FF
site. Due to the higher C,, contents in the deeper
soil, soil C,, stocks were significantly higher at the
FF site compared to the NF and IF sites (Fig. 1). Soil
total N contents showed similar soil depth related pat-
terns as C,,, (Fig. 1). Total C,, stocks (0-100 cm soil
depth) were 136 +9, 125+ 14, and 169+9 t C ha™!,
at the NF, IF, and the FF site, respectively. Total COrg
stocks at the FF site were significantly higher than
those at the NF and the IF sites (p<0.01). Total N
stocks were 9.5+ 1.0, 8.5+ 1.2, and 8.8+0.6 t N ha-'
and did not differ significantly among the three study
sites. Organic layers at the NF and the IF sites com-
prised only of the most recent leaf litter (0-1 cm),
whereas flooding at FF caused periodic lateral litter
input, which deposited up to 5 cm thick layers. The
PCA also revealed that the three sites were markedly

bcde
20-30- ? ef
f
30-50+ def
bcdef
NF cdef
B 50-100- ef
FF a
4 6 0o 1 2 3 4 5

Neot stock (tha™")

different, since they were clearly separated along the
first two principal components (PC) which explained
44.6 and 16.8% of the total variation in the data (Fig.
S3). Sand and C,,, content were most important for
the separation along PCI. Silt, carbonate and N
contents also contributed to the separation along PC1.
The separation along PC2 was mainly due to bulk
density and—to a minor degree—to clay content and
the C/N ratio.

Climate, flooding, and the soil environment

Both study years (2017 and 2018) were character-
ized by low summer precipitation (Figs. 2, 3 and 4).
Air temperatures were within the long-term averages,
following the typical seasonal course and ranged
between+32.7 °C (Aug 2017) and — 9.6 °C (Feb

@ Springer



Biogeochemistry

Non-flooded (NF)

~ 30

© 25+ A

= 20 -/ Z

32 Mo, e My

2 10+ N\ \a P

= 5 " M 2 o Y

[e] .

» 0 <

. 504 ——5cm — - 50cm 100 cm - 300

9 B

o

< £
3 £
2 =
€ s
= 8
& o

Jun17  Aug 17 Okt 17 Dez 17 Feb 18  Apr18

Fig. 2 Soil environment and GHG fluxes at the non-flooded
(NF) site. Panels A and B show soil temperature and soil mois-
ture at different soil depths, respectively. Black bars in panel
B show daily precipitation inputs. Panels C, D, and E show
the soil surface fluxes and below the soil air concentrations

2018). Danube water levels ranged between 103 and
595 cm during the study period. The “infrequently-
flooded” site IF was not flooded during the study
period. Only the site closest to the river (FF) experi-
enced periodic surface flooding (Fig. 4a). While the
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of CO,, CH,, and N,O at different soil depths (contour-plots),
respectively. Open symbols represent manually measured sur-
face fluxes (mean=+ SE, n=6) and grey bars show daily meas-
ured auto-chamber (n=1) fluxes

FF site was regularly inundated, flood water retreat
was delayed by up to 2 weeks. The reason for this
was the slower infiltration of the inland (flood) water
bodies, which became disconnected from the stream
during the flood retreat. Groundwater levels were
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Fig. 3 Soil environment and GHG fluxes at the infrequently-
flooded (IF) site. Panels A and B show soil temperature and
soil moisture at different soil depths, respectively. Black bars
in panel B show daily precipitation inputs. Panels C, D, and E
show the soil surface fluxes and below the soil air concentra-

always lower than 100 cm soil depth at the NF and
the IF sites. At the FF site, groundwater levels per-
sistently reached beyond 100 cm soil depth, and with
exception of both summers, groundwater levels were
always close to the soil surface (Fig. 4).
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tions of CO,, CH,, and N,O at different soil depths (contour-
plots), respectively. Open symbols represent manually meas-
ured surface fluxes (mean + SE, n=6) and grey bars show daily
measured auto-chamber (n=1) fluxes

Soil temperatures followed the seasonal course of the
air temperatures, with the typical delayed and flattened
response curve with increasing soil depth (Figs. 2, 3 and
4). There was no significant difference in soil tempera-
tures between the NF, IF, and FF sites. Average top-soil
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Fig. 4 Danube water level, soil environment and GHG fluxes
at the frequently-flooded (FF) site. Panel A shows the Dan-
ube river water level at the closeby station “Wildungsmauer”.
Lines in Panel A show the corresponding site altitudes (NF, IF,
FF). In the case the water level crossed the full line (FF), the
site was flooded. Panels B and C show soil temperature and
soil moisture at different soil depths, respectively. Black bars
in panel C show daily precipitation inputs. Panels D, E, and F

@ Springer

show the soil surface fluxes and below the soil air concentra-
tions of CO,, CH,, and N,O at different soil depths (contour-
plots), respectively. Open symbols represent manually meas-
ured surface fluxes (mean+ SE, n=6) and grey bars show daily
measured auto-chamber (n=1) fluxes. The white lines in the
contour-plots indicate an approximation of the groundwater
table position within the soil profile
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moisture levels during the study period (0-20 cm, man-
ually measured) were highest at the FF site (57.8+8.0
Vol%), followed by the IF (39.1+4.4 Vol%) and the
NF site (24.7+7.9 Vol%); the differences between the
sites were highly significant (p<0.001). Soil moisture
showed a similar temporal course at the NF and the IF
sites, with depressions during both summers, and high-
est moisture levels during the dormant seasons (as a
result of this soil temperature and soil moisture were
negatively correlated; Fig. 5). During the frost period

in March 2018, liquid top-soil moisture levels sharply
decreased at the NF site, and particularly so at the IF
site (Figs. 2 and 3), but not at the FF site. The course of
soil moisture at the flooded site (FF) differed substan-
tially from the other sites, due to groundwater influx
and periodic flooding. Sub-soils (50+cm depth) at the
FF site were waterlogged throughout the whole study
period due to groundwater influx (Fig. 4). The dry sum-
mer 2017 caused top-soil moisture to decrease at the FF
site, until rewetting occurred in late September 2017 due

Soil Temperature Soil Moisture CO; flux CH, flux N,O flux
w
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Fig. 5 Correlation matrix of soil surface GHG fluxes and soil
environmental parameters (at 5 cm soil depth) at the three
study sites (green, NF' non-flooded; orange, /F infrequently-
flooded; purple, FF frequently-flooded). Grey values repre-

sent correlation coefficients for all site types. P-values indi-
cate significant correlation with ***=p<0.001, **=p<0.01,
*=p<0.05 calculated with Spearman correlation coefficients
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to rainfall (Fig. 4). During July and August 2018, FF soil
moisture decreased significantly down to a minimum
depth of 50 cm, shortly increased again during rewetting
(in early September), and thereafter remained at low levels,
until soil water saturation occurred in late autumn (Fig. 4).

Soil solution and surface water chemistry

Soil solution DOC concentrations varied between 7
and 70 mg 17! (Fig. S4). Average DOC concentrations
were 39+20, 35+16, 23+12, and 23+ 14 mg 17!
at 15, 30, 50, and 100 cm soil depth at the FF site
across all sampling dates. Average DOC concentra-
tions at the IF site were 17+6, 16+ 10, 11+6, and
25+17 mg 1! at 15, 30, 50, and 100 cm soil depth.
DOC concentrations at the NF site ranged between
11 and 21 mg 1!. Ammonium concentrations were
below the detection limit of 0.4 mg N 17! at all sites
during all sampling dates. Nitrate concentrations
in soil solution at the FF site were always below
the detection limit of 2.0 mg 17!, At the IF site,
NO;™ concentrations averaged 135 mg 17! and occa-
sionally reached values of up to 250 mg 17! (Fig. S5).
Nitrate concentrations at the NF site ranged between
33 and 120 mg 17!, The temporal trends in soil solu-
tion DOC and nitrate concentrations are shown in
figures S2 and S3. Nitrate concentrations in the main
channel of the river Danube ranged between 1.2 and
2.9 mg I”! during the study period (NH,™ was unde-
tectable <0.05 mg 17!). During the intensive meas-
urement campaign in March 2019 NO;™~ concentra-
tions in surface flood-water ranged between 3.0 and

7.8 mg 17!, Concentrations of NO;~ as well as NH,*
concentrations in soil solution all remained below
detection limit during this flooding period.

Soil greenhouse gas fluxes and concentrations

Carbon dioxide

Mean soil CO, effluxes at the FF site (1944167 mg
CO,~C m~2 h™!) were significantly (p<0.001) higher
than at the NF (111+79 mg CO,~C m~2 h™!) and
the IF sites (110+74 mg CO,—C m~2 h™1), the latter
sites showing reduced fluxes during both summers
(Figs. 2c and 3c¢). At the FF site such a reduction in soil
CO, efflux during the dry summers was not observed,
and fluxes periodically declined only for short peri-
ods after the flood events (e.g. August and September
2017). Accordingly, soils at the FF site emitted almost
twice as much CO,-C as soils at the NF and IF sites
(Table 1). Consistent with soil CO, efflux patterns dur-
ing other flood events, soil CO, efflux ceased during
the intensively studied March 2019 surface-flooding
period and recovered shortly (3 days) after surface
water retreatment (Fig. 6).

Manually measured soil CO, effluxes showed
the typical seasonal patterns and were closely cor-
related to soil temperatures at all three sites (Fig. 5).
Soil CO, efflux was weakly and negatively corre-
lated to soil moisture at the NF and IF sites (Fig. 5),
but this was rather caused by the generally higher
soil moisture during the dormant seasons (reflected
in negative correlation between soil temperature

Table 1 Annual cumulative soil greenhouse gas fluxes and corresponding global warming potentials (GWP; reported as CO, equiv-

alents) from the three study sites during the study year 2018

Site NF IF FF

Element fluxes

NF IF FF

CO, equivalents (t ha™!)

CO,-C 935+1.06a 9.44+2.11a 1854+621b GWP-CO, 34324390 34.64+7.74 68.05+27.77
(tha™h)
CH,-C —450+0.85a —2.54+0.57b —0.67+1.06c GWP-CH, 100 year =~ —0.16+0.03 —0.09+£0.02 —0.02+0.04
(kg ha™") GWP-CH, 20 year —0.48+0.08 —027+0.06 —0.07+0.11
N,O-N 0.51+0.092  0.94+0.17b  0.74+0.32 ab GWP-N,O 0.44+0.08  0.81+0.14 0.63+0.27
(kg ha™")
Total GWP 100 year 34.6+3.9a 354+7.8a 68.7+22.8b
Total GWP 20 year 343+3.8a 352+7.8a 68.6+22.8b

Means + SD. Different letters indicate statistically significant differences (p<0.05) between sites Conversion factors were 80.8
(20 year GWP) and 27.2 (100 year GWP) for CH, and 273 (20 and 100 year GWP) times for N,O, respectively (IPCC 2021)

NF non-flooded, IF infrequently-flooded, FF frequently-flooded

@ Springer



Biogeochemistry

120

Y
"

-1 6

i |

S

o o

m?h
h

1
N
o

°r 45—

{
)
)

CO, flux (mg Cm?h™")
8
T

Fig. 6 Surface greenhouse gas (GHG) fluxes (open square:
CH,, open triangle: N,O, open circle: CO,) at the frequently-
flooded site during and shortly after flooding in March 2019.

and soil moisture, Fig. 5). Due to the long (90 min)
auto-chamber closure times, the computed soil CO,
effluxes from the auto-chambers were an order of
magnitude lower than those from the IRGA measure-
ments (Figs. 2, 3, and 4). Overall, the auto-chamber
CO, fluxes correlated well with the corresponding
manually measured fluxes (NF: r=0.73, p<0.001;
IF: r=0.76, p<0.0001; FF: r=0.88, p<0.0001) and
auto-chamber fluxes showed a correspondingly simi-
lar relationship with soil temperature and soil mois-
ture (data not shown).

Soil air CO, concentrations resembled the seasonal
course of the soil CO, efflux at all sites and showed
the typical CO, concentration gradients within the
soil profiles (highest concentrations in deeper soil
layers and decreasing concentrations towards the soil
surface; Figs. 2c, 3c, and 4d). Soil air CO, concen-
trations were lowest at the NF site, followed by the
IF site, but were exceptionally high at the FF site
(up to~100.000 ppm in the deeper soil). Soil CO,
effluxes were positively correlated with soil air CO,

1 1 1 1 1 1 1 1 1 1 1
17.03 1803 19.03 2003 21.03 2203 2303 2403 2503 26.03 27.03
Date

H®
o
CH, flux (ug C
N,O flux (pg N m’?

The blue shaded area indicates the period of surface flooding.
During surface flooding, GHG fluxes were measured at the
water surface by means of floating chambers

concentrations at all soil depths at the NF and IF sites,
and with soil air CO, concentrations at a soil depth of
30 cm and deeper at the FF site (Table 2).

Soil C,,, exhibited 5°°C values of — 25.4+0.8%0
(NF), — 25.7+1.2%¢ (IF) and -26.7+0.4%¢ (FF),
the decreasing standard deviation showing lower
increases in 6'°C signatures with soil depth at the
FF compared to the NF and IF sites (Table S1). Soil
emitted CO, exhibited 6'*C values of — 25.4+0.5 to
—21.5+0.2%0 (NF), — 26.9 +0.4%o0 to — 23.8 +0.4%o
(IF) and — 25.6+0.4 to -— 22.4+0.4%o at the FF site
during the three sampling campaigns (Table S1).

Methane

Overall, soils at all three sites were net CH, sinks
(Table 1). During the two study years, manu-
ally measured CH, fluxes ranged on average
between — 50.5+24.5 ug CH,~C m~2 h™! at the
NF, — 33.7+25.8 ng CH,—C m~2 h™! at the IF, and
— 10.8+21.4 uyg CH,~C m~> h™" at the FF sites, with

Table 2 Pearson correlation coefficients between soil air greenhouse gas (GHG) concentrations at different soil depths and the cor-

responding soil surface GHG fluxes

Site Non-flooded (NF) Infrequently-flooded (IF) Frequently-flooded (FF)

GHG Cco, CH, N,O Cco, CH, N,O Co, CH, N,O
Soil depth 10 cm 0.78%%* 0.13 -0.01 0.41%* -0.22 0.30* 0.16 0.24 0.36%*
20 cm 0.82%%* 0.31 0.17 0.40%* -0.23 0.38%* 0.27 0.14 0.31°%
30 cm 0.81%%* 0.21 0.16 0.61%* -0.23 0.34%* 0.57%* 0.02 0.31°%
50 cm 0.90%* 0.17 0.16 0.58%%* -0.11 0.44%* 0.85%* 0.02 0.36%*
100 cm 0.88%%* 0.17 0.16 0.65%* —-0.24 0.36%* 0.84%* —0.09 0.35%
Surface fluxes were obtained from the chamber directly above the soil air sampling capillaries

*p<0.10

**p<0.05
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fluxes differing significantly between individual sites
(p<0.001). Manually measured CH, fluxes were pos-
itively correlated with soil temperature at the NF and
IF sites, and positively correlated with soil moisture
at all three sites (Fig. 5). Methane fluxes derived from
auto-chamber measurements overall fluctuated in the
range of those from manual chamber measurements
(Figs. 2, 3 and 4), but there was no significant corre-
lation between auto-chamber and manually measured
fluxes at either site. At the NF and IF sites, manually
measured CH, fluxes were positive (emission) during
a thaw period in March 2018 and during a re-wetting
period in May 2018, whereas CH, uptake was meas-
ured during all the remaining times. Auto-chamber
measurements also suggested CH, emissions during
these periods, as well as during January 2019 at the
NF site. At the FF site, CH, fluxes were continuously
negative (uptake) during summer 2018. During the
remaining time, fluxes oscillated around the zero-
line (Fig. 4e). Manually measured CH, fluxes at the
FF site became positive shortly after a flood-event
in July 2017, but emissions remained below 30 pug C
m~2 h7!, and turned into CH, uptake shortly there-
after. Overall, the manual as well as auto-chamber
measurements did not indicate any significant CH,
emission pulses during and after flooding (Fig. 4e).
Our intensive measurements during the flood-event
in March 2019 did not show any pulse CH, emis-
sions either. CH, emissions (from the flood-water
surface) increased shortly after inundation, but the
increase was of minor magnitude, and fluxes rapidly
declined and turned into CH, uptake once the water
had retreated (Fig. 6).

Soil air CH, concentrations showed distinctive
patterns at the different sites. All sites had in com-
mon that close to the soil surface (5 cm depth), soil
air CH, concentrations were close to zero. In deeper
soil layers, CH, concentrations reached a maximum
of around ~5 ppm at the NF and IF sites (Figs. 2d and
3d), while deeper-soil CH, concentrations reached up
to>300 ppm at the FF site (Fig. 4d). At the NF site,
soil air CH, concentrations peaked during summer
2017 at 30-50 cm soil depth, while top-soil CH, con-
centrations remained below atmospheric CH, con-
centrations at the same time. Close to the surface soil
air CH, concentrations increased only once, to about
3 ppm, after a rewetting event in May 2018, which
was accompanied by CH, emission from the soil sur-
face (Fig. 2d). During October 2018 we observed a
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second peak in deep-soil CH, concentrations at the
NF site (after soil rewetting in mid-September). Top-
soil CH, concentrations nonetheless remained close
to zero and soils showed pronounced CH, uptake dur-
ing this period. At the IF site, we observed a similar
increase in deep soil CH, concentrations during sum-
mer 2017, and an increase in topsoil CH, concentra-
tion during May 2018, which was as well accompa-
nied by slight CH, emissions from the soil surface
(Fig. 3d). At the FF site, deep-soil pore-water CH,
concentrations were>300 ppm during June 2017,
but sharply decreased after ground water drawdown
during July—August and remained at low levels dur-
ing winter time and during spring 2018 (Fig. 4e).
Deep-soil pore-water CH, concentrations once again
peaked in June 2018 (accompanied with low soil
surface CH, emissions), but concentrations sharply
decreased during the dry summer months and the fol-
lowing winter/spring period (Fig. 4e). There was no
correlation between soil CH, fluxes and the corre-
sponding soil air or pore water CH, concentrations at
any soil depth (Table 2).

Nitrous oxide

Soils at all three sites acted as net N,O sources
(Table 1). Manually measured N,O effluxes dur-
ing the 2 years of study ranged on average between
6.5+7.1 pg N,O-N m™2 h™! at the NF site,
10.4+14.3 pg N,O-N m™ h™" at the IF site, and
9.4+10.5 ug N,O-N m™ h™! at the FF site. There
was no significant difference between the N,O fluxes
of any of the three sites. Nitrous oxide efflux was gen-
erally higher during 2017 than during 2018 at all sites
(Figs. 2e, 3e and 4f). Fluxes were not correlated with
soil temperature, but they were weakly positively cor-
related with soil moisture at the NF and the FF sites
(Fig. 5). During the freeze—thaw event in March 2018,
manually as well as automatically measured N,O
fluxes showed pulse emissions at the IF site (most
severely frozen soil, Fig. 3e). At the NF site (only
shallow soil frost), N,O efflux increased as well, but
to a lower extent (Fig. 2e). At the FF site (only fro-
zen litter layer) the N,O fluxes slightly increased, but
remained far below the summer 2017 fluxes at this
site (Fig. 4f). Auto-chamber measurements generally
were in the range of manual N,O measurements, and
resembled the fluxes during the freeze/thaw periods at
all sites. Auto-chamber fluxes were only significantly
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correlated with the manual chamber fluxes at the IF
(F=0.505, p=0.009) and the FF sites (F=0.619,
p=0.0004). During the intensive measurement cam-
paign during the March 2019 flood, N,O fluxes from
the water surface, as well as soil surface fluxes after
water retreat were close to zero (Fig. 6).

Soil air N,O concentrations peaked at all sites at
all soil depths during autumn 2017, but this was not
reflected in accelerated soil N,O fluxes (Fig. 2e, 3e
and 4f). A second, less pronounced increase in soil
air N,O concentrations occurred after soil rewetting
in summer 2018, which was (at least at the IF site)
accompanied by a simultaneous increase in soil sur-
face N,O emissions (Fig. 3e). During the freeze/thaw
event in March 2018, soil air N,O concentrations
were exceptionally low at all three sites and at all soil
depths. Soil air N,O concentrations were not corre-
lated with soil N,O fluxes at the NF site, but were
positively correlated at the IF and the FF sites at cer-
tain soil depths (Table 2).

Discussion

Carbon dioxide fluxes

When compared to the fluxes of CH, and N,O, soil
CO, efflux contributed overwhelmingly to the GWP
of the soil GHG fluxes in the floodplain forest (>97%
CO,eq at all three sites). Annual soil CO, effluxes
at the NF and the IF sites were in the range of those
from comparable deciduous upland forests (e.g.
Epron et al. 1999; Ruehr and Buchmann 2010; Oishi
et al. 2013; Warner et al. 2019). However, with more
than 18 t C ha™!, the soil respiratory loss at FF was
about twice as high as the efflux of typical deciduous
broadleaf upland forests (Warner et al. 2019), and far
beyond previously reported fluxes in floodplain for-
ests along the Danube and its tributaries (Acosta et al.
2017; Machado dos Santos Pinto et al. 2020). There
are several different processes, which could have
added to the high soil CO, efflux at our FF site. First,
periodic flooding causes lateral inputs and accumula-
tion of leaf litter at the FF site. The FF site is situated
in a depression and leaf litter from surrounding areas
have moved into the site with the retreating flood
water. The actual rates of litter C input and loss were
not quantified in our study, but we visually observed

the build-up of 2-5 cm thick layers of fresh and partly
decomposed leaf litter after floodwater retreat during
September and October 2017. Such an input of easily
decomposable C typically increases subsequent soil
respiration. The litter input and accumulation could
have been the cause of particularly high CO, fluxes
(auto-chambers, Fig. 4) following the two 2017 flood
events at the FF site. Another cause of high soil CO,
efflux at the FF site could be related to the dry sum-
mer and low Danube water level (and subsequently
groundwater tables). Soils at the FF site contained
higher SOC stocks in the subsoil than the soils at the
NF and IF sites, likely due to previous sedimentation
processes and the preservation of C,,, due to unfa-
vourable anoxic conditions under constant waterlog-
ging. During the dry summer in 2018, groundwater
levels, however, fell to approximately one meter
depth for almost three consecutive months. During
this time, soil air CO, concentrations in the subsoil
increased to extremely high levels. This indicates
that C,,, in the aerated subsoil became accessible
for heterotrophic decomposers, which in turn could
have significantly contributed to the soil surface CO,
efflux. A network of cracks (clearly visible at the soil
surface) could have promoted the transport of CO,
from the deeper soil to the soil surface. As hypoth-
esized, soil CO, efflux was supressed during periods
of soil water-logging during and after flood events.
However, such periods lasted only for a couple of
days and CO, emissions recovered quickly thereafter.

However, how forest ecosystem C dynamics are
affected by flooding and drought also depends on
their effects on plant CO, fixation and plant C alloca-
tion. We did not assess tree biomass growth and plant
C uptake in this study, but we retrieved radial wood
increment cores from those trees, which were studied
for stem GHG efflux in 2019, to assess if tree growth
was severely negatively affected by the two dry sum-
mers. The tree ring widths from poplar (at the FF and
IF sites) could not be clearly differentiated, due to
the diffuse wood properties of this softwood species,
but tree rings from ash did not indicate any negative
effect of summer drought on wood increment growth
(data not shown). This suggests that annual growth of
ash tress was not affected by the dry summer condi-
tions and further suggests that the growth of poplar
was likely not affected either, especially as poplar
trees develop deeper rooting systems and should have
always been connected to the groundwater (Singer
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et al. 2013). We further did not observe any visual
drought stress signs in the tree canopy at any site.
If tree growth can be considered to be largely unaf-
fected, then the dry summers had positively affected
the ecosysttem CO, balance (unchanged biomass
uptake, less soil C loss) at the NF and IF sites, but
negatively affected the CO, balance (unchanged bio-
mass uptake, much higher soil C loss) at the FF site.
It is likely that the FF site served as a net CO, source
during 2018. The high soil respiratory loss is hardly
compensable by plant biomass C uptake (Gower et al.
1996; Megonigal et al. 1997; Rieger et al. 2015) or
the observed sedimentation of leaf litter.

Significant parts of the Danube watershed are cal-
careous, causing high limestone contents of the flood-
plain bedrock-gravel and high carbonate contents of
the soils in the Danube National Park. Therefore,
streamwater and groundwater contain high concen-
trations of dissolved inorganic C (DIC, HCO;~ and
CO32_), which can degas and thereby contribute to the
soil CO, efflux. Accordingly, an ignorance of poten-
tial inorganic CO, sources could lead to an overes-
timation of biotic fluxes. The isotopic composition
of soil CO, emissions (-24 to -27%o) relative to soil
Corg (-25 t0 -27%o) clearly indicates a primary biotic
source of the CO, emitted from the floodplain soils.
Similar slight '3C enrichments in soil CO, compared
to C,,, was as well documented for non-calcareous
forest soils (Forméanek and Ambus 2004; Werth and
Kuzyakov 2010). Carbon isotope fractionation dur-
ing CO, diffusion (efflux) processes can cause a 3¢
enrichment of topsoil CO, by up to 4%o. Therefore,
our two-pool mixing model output (~6% inorganic
contribution, Table S1), which neglects such isotope
fractionation, marks the upper limit, and it is likely
that the real inorganic contribution to the soil CO,
efflux was even lower or negligible at all.

Methane fluxes

Contradicting our hypothesis (I) we did not observe
any significant CH, pulse emissions during or after
flooding. Even the forest soil at the FF site was a
minor (— 0.7 kg CH,-C ha™! year™!) annual atmos-
pheric CH, sink. As expected, CH, was emitted
from soil during and after flooding, but emissions
were of minor magnitude, short-lived and returned
to neutral fluxes or CH, uptake within days after
flood-water retreat. This is in contrast to observations
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from temperate forest-wetlands, which were identi-
fied as significant regional CH, sources (Itoh et al.
2007; Christiansen et al. 2012; Pangala et al. 2015;
Pitz et al. 2018). However, in such forests, flooding
or rainwater accumulation typically leads to extended
periods of water-logging due to stagnant conditions
and slow drainage. The floodplains along the upper
Danube typically drain well, and, depending on the
severity of the flood event and the position in the
floodplain landscape, surface floods typically retreat
within hours to days. The low CH, emissions during
and after flooding in our study likely were a matter
of a combination of short inundation, well-draining
soils and a high CH, oxidation capacity of the top-
soils. Though we temporarily measured deep soil air
or pore water CH, concentrations of > 100 ppm, at the
same time soil CH, emissions from the soil surface
were low or even negative. Accordingly, upward dif-
fusing CH, must have been oxidized once it reached
the aerated topsoil layer. This also likely was the rea-
son for the non-correlation between any soil air CH,
concentrations beneath 5 cm depth and the concur-
rent soil surface CH, fluxes (Table 2). The important
role of aerated topsoil layers in CH, uptake has been
documented in previous studies on peat (Macdonald
et al. 1998) and floodplain forest soils (Boon et al.
1997; Samaritani et al. 2011; Jacinthe 2015), where
topsoil aeration had led to a substantial reduction of
the soil CH, efflux. Bodelier et al. (2011) reported
high abundances of methanotrophic microorganisms
in floodplain forest soils, and suggested that particu-
larly active methanotrophs occur in the topsoil of
frequently flooded floodplain forests. It has been sug-
gested that tree roots can serve as conduits for CH,
from deeper anoxic soil layers towards the atmos-
phere — and that the resulting stem surface emissions
add significantly to the forest ecosystem CH, flux
(Pangala et al. 2013, 2015; Schindler et al. 2020). An
accompanying study quantified the CH, stem surface
emissions at the three study sites. Stems emitted CH,
at all three sites, but stem emissions only compen-
sated for a minor proportion of soil CH, uptake (Mol-
daschl et al. 2021).

In the present study we were able to constrain the
duration of flux events to a relatively narrow time
window (some hourly during the intensive campaign
during March 2019 flood +daily measurements with
auto-chambers), thereby reducing the risk of overes-
timating single flux events, or missing them on the
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other hand. Though we did not observe any pulse
fluxes, the clear positive correlation of CH, fluxes
and topsoil moisture indicates that soil CH, fluxes
were overall driven by precipitation and flooding,
while soil temperatures had less influence (Fig. 5).
The non-flooded soils (at the NF and IF sites), both,
were atmospheric CH, sinks, showing sink-strengths
of —2.5to — 4.5 kg CH,-C ha™! year~!. Such atmos-
pheric sink strengths are comparable with those of
similar upland deciduous forest soils (Born et al.
1990; Bowden et al. 2000; Fender et al. 2013; Gatica
et al. 2020) and a non-flooded floodplain forest along
a close by Danube tributary (Traisen River, Lower
Austria) (Machado dos Santos Pinto et al. 2020).
The periodically flooded soils at the FF site served as
weak annual net CH, sink, which confirms findings
of Batson et al. (2015), who as well reported overall
soil CH, uptake in regularly flooded temperate for-
est stands along a side river of the Potomac River
(Northern Virginia, USA), and Silverthorn and Rich-
ardson (2021) who observed only slightly weaker
CH, uptake of riparian forest soil with groundwater
discharge, than without. Jacinthe (2015) also reported
overall soil CH, uptake (— 3.9 kg CH,~C ha~! year™")
from occasionally flooded forest soils along the White
River (Indiana, USA), whereas frequently flooded
soils in this study were suggested as moderate CH,
source (2.6 kg CH,~C ha™! year™").

Nitrous oxide fluxes

Contrary to our hypothesis, N,O emissions did not
peak after flooding or after surface- and/or ground
water retreat. All three sites were annual net N,O
sources to the atmosphere, and average fluxes did not
differ between sites. Higher annual cumulative N,O
fluxes during the dry year 2018 at the IF than at the
NF site (Table 1) suggest that higher soil moisture
positively affected the site specific N,O production at
the IF site. Soils at the IF site had higher topsoil clay
contents and therefore a higher water storage capacity
than soils at the NF site. The N,O source strengths of
the three sites (0.5-0.9 kg N ha~! year™!) were in the
mid- to upper range of those of comparable temperate
upland deciduous forests (Bowden et al. 2000; Kesik
et al. 2005; Fan and Yoh 2020). Machado dos Santos
Pinto et al. (2020) measured N,O emissions in a simi-
lar range compared to our study in non-flooded flood-
plain forests along a Danube tributary. Similar N,O

fluxes as in our study were also reported by De Carlo
et al. (2019). Site specific N,O emissions did also not
vary with the distance to the river body in their study.
Batson et al. (2015) also measured close to zero soil
N,O emissions at all their floodplain forests, from
close to the water body towards upland positions. The
comparably high temporal measurement resolution
in our study setup enabled us to assess the imminent
effects of surface flooding on the soil N,O fluxes. We
did not observe any pulse N,O emissions after water
retreat, such as were suggested in a recent meso-
cosm study (Ley et al. 2018) with soils from a tem-
perate floodplain of the Thur river (Switzerland). In
our study, N,O emissions frequently increased after
surface flood events—eventually the reason for the
stronger correlation between soil moisture and N,O
fluxes at the FF site (Fig. 5)—but similarly high N,O
emissions were also measured during intermediate
periods, without any flooding (Fig. 4).

Clear pulse N,O emissions were only observed
during a freeze—thaw event in late winter (March 2018
at the NF and particularly at the IF site) and were not
related to flooding. Nitrous oxide pulse emissions
during freeze—thaw events have been observed in var-
ious ecosystems and were found to contribute signifi-
cantly to the annual GHG budgets of forest soils (Kim
et al. 2012; Medinets et al. 2016). The exact origin
of the emitted N,O in our study remains open, since
we were not able to distinguish between specific N,O
formation processes. Nonetheless we made two inter-
esting observations; (i) emissions already increased
during the period of frost-extension into the soil, and
(ii) soil air N,O concentrations were near zero dur-
ing the surface emission pulse. The early rise in N,O
emissions implies that the accelerated N,O emissions
did not result from accelerated N cycling during thaw,
but rather arose from biological or physical processes
which occurred already in the frozen/freezing soil.
Low soil air N,O concentrations during the simul-
taneously high soil surface N,O emissions indicated
that the pulse N,O emissions during freeze/thaw
originated from the very topsoil (from above the shal-
lowest soil air sampling depth at 5 cm) or/and from
the litter layer. In the frost-free study period, the posi-
tive correlations between soil air concentrations at all
depths and surface N,O fluxes (Table 2) suggest both,
topsoil and deeper soil as N,O sources.

We further hypothesized that lateral dissolved N
input via surface flooding and/or moving groundwater
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increases N transformation rates and consequently
the soil N,O efflux. Our observations did not confirm
this hypothesis. Groundwater and Danube surface
water NO;~ concentrations were low (<2 mg 17) and
rather caused a dilution of the soil solution N pool
than adding to it (FF site). In contrast, we observed
surprisingly high soil solution NO;~ concentration
at the sites which were not flooded during the study
period (the NF and IF sites). Soil solution NO;~ con-
centrations between 50 and 250 mg 17! as measured
at the NF and IF sites are extremely high for temper-
ate forests (Gundersen et al. 2006), and were only
observed after e.g. intensive fertilization (Mortensen
et al. 1998). Interestingly, the only related study we
found as well reported unexpectedly high soil solu-
tion NO;™ concentrations (> 100 mg 17!) at a forest
site along the Thur river, and in accordance to our
observations, the soil NO;~ concentrations dropped
to those of the river/groundwater system during and
after inundation (Huber et al. 2012). The reasons for
the high NO; concentrations have remained open
in the study by Huber et al. (2012) as well as in our
study. Our observations nonetheless suggest that
NO; concentrations in the soil water did not pro-
mote soil N,O efflux (N,O fluxes were generally low
despite the high NO;™ concentrations in the soil solu-
tion). Soil water NO;~ accumulation indicates rapid
soil nitrification, but a low sink strength for NO;~,
i.e. low soil denitrification activity, at the NF and IF
sites. This further indicates that nitrifiers contribute
to a greater extent to soil N,O efflux than denitrifi-
ers. Another explanation might be the high soil pH
(7.5-7.7) at our floodplain sites. Such high soil pH
values typically shift the denitrification end product-
ratio towards N, instead of N,O (Simek et al. 2002)
and also lowers N,O formation during nitrification
(Mgrkved et al. 2007).

Conclusions

Two years of detailed soil GHG surveys at three flood-
plain forest sites within the Danube National Park did
not reveal any evidence that the studied temperate
floodplain soils emitted significantly more CH, and/or
N,O than soils of comparable upland forests. Surface
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flooding did not cause any of the expected pulse emis-
sions of CH, and N,0, and even the frequently flooded
site served overall as an annual CH, sink. At all three
sites, the GWP of the soil GHG fluxes was predomi-
nately (>97%) determined by the soil CO, efflux. Dur-
ing a year with exceptionally low summer precipitation,
the annual soil CO, efflux was roughly twice as high at
the frequently-flooded site—likely a matter of soil aera-
tion and enhanced decomposition of SOM during the
dry summer in subsoils. Hence, summer drought could
result in loss of stored deep soil C to the atmosphere
at frequently-flooded sites, or at sites adjacent the water
bodies or with high standing groundwater tables. Car-
bon isotope analyses confirmed that the measured soil
CO, fluxes were overwhelmingly related to biological
activity, and that degassing of inorganic C from the cal-
careous soils and/or the groundwater played a minor
role, if any. The spatial up-scaling was impeded by the
limited site replication in this case study. Nonetheless,
the extensive GHG measurements at the three sites
indicate that temperate floodplain forests, such as the
ones studied, unlikely represent significant regional soil
GHG sources, and that the return frequency of flooding
only has limited effects on annual soil GHG budgets of
floodplain forests.

Acknowledgements The study was funded by the Aus-
trian Klima- und Energie Fonds (ACRP9 project FloodFlux,
KR16ACO0K13382). We are very grateful to the National Park
authorities for their friendly cooperation and help with site
selection and we thank Christian Holtermann for technical
support.

Funding The study was funded by the Austrian Klima- und
Energie Fonds (ACRP9 project FloodFlux, KR16ACOK13382).

Data availability Data and other relevant materials are read-
ily available on request.

Code availability R programming code used for statistical
analysis is available on request.

Declarations

Conflict of interest The authors have no conflicts of interest
to declare that are relevant to the content of this article.

Consent for publication All authors consent to the submis-
sion and publication of this manuscript.



Biogeochemistry

References

Acosta M, Darenova E, Dusek J, Pavelka M (2017) Soil car-
bon dioxide fluxes in a mixed floodplain forest in the
Czech Republic. Eur J Soil Biol 82:35-42

Barbati A, Corona P, Marchetti M (2011) Annex 1: pilot
application of the european forest types. In: FOREST
EUROPE, UNECE and FAO 2011. State of Europe’s
Forests 2011. Status and Trends in Sustainable Forest
Management in Europe

Bartlett KB, Crill PM, Bonassi JA et al (1990) Methane flux
from the Amazon River floodplain: emissions during
rising water. J Geophys Res 95:16773-16788. https://
doi.org/10.1029/JD095iD10p16773

Batlle-Aguilar J, Brovelli A, Luster J et al (2012) Analysis of
carbon and nitrogen dynamics in riparian soils: Model
validation and sensitivity to environmental controls. Sci
Total Environ 429:246-256. https://doi.org/10.1016/j.
scitotenv.2012.04.026

Batson J, Noe GB, Hupp CR et al (2015) Soil greenhouse gas
emissions and carbon budgeting in a short-hydroperiod
floodplain wetland. J Geophys Res Biogeosci 120:77—
95. https://doi.org/10.1002/2014JG002817

Bodelier PLE, Bir-Gilissen M-J, Meima-Franke M, Hordijk
K (2011) Structural and functional response of methane-
consuming microbial communities to different flooding
regimes in riparian soils. Ecol Evol 2:106-127. https://
doi.org/10.1002/ece3.34

Boon PI, Mitchell A, Lee K (1997) Effects of wetting and
drying on methane emissions from ephemeral flood-
plain wetlands in south-eastern Australia. Hydrobiologia
357:73-87. https://doi.org/10.1023/A:1003126601466

Born M, Dorr H, Levin I (1990) Methane consumption in
aerated soils of the temperate zone. Tellus B 42:2-8.
https://doi.org/10.1034/j.1600-0889.1990.00002.x

Bowden RD, Rullo G, Stevens GR, Steudler PA (2000) Soil
fluxes of carbon dioxide, nitrous oxide, and methane at
a productive temperate deciduous forest. J Environ Qual
29:268-276. https://doi.org/10.2134/jeq2000.00472
425002900010034x

Burgin AJ, Groffman PM (2012) Soil O, controls denitrifica-
tion rates and N,O yield in a riparian wetland. J Geo-
phys Res Biogeosci 117:G01010. https://doi.org/10.
1029/2011jg001799

Christiansen JR, Vesterdal L, Gundersen P (2012) Nitrous
oxide and methane exchange in two small temperate
forest catchments: effects of hydrological gradients and
implications for global warming potentials of forest
soils. Biogeochemistry 107:437-454. https://doi.org/10.
1007/s10533-010-9563-x

Cools N, De Vos B (2016) Part X: sampling and Analysis of
Soil. In: UNECE ICP Forests Programme Co-ordinating
Centre (ed.): Manual on methods and criteria for harmo-
nized sampling, assessment, monitoring and analysis of the
effects of air pollution on forests. Thiinen Institute of For-
est Ecosystems, Eberswalde, Germany, p 29 p + Annex

De Carlo N, Oelbermann M, Gordon A (2019) Spatial and
temporal variation in soil nitrous oxide emissions from
a rehabilitated and undisturbed riparian forest. J] Environ
Qual 48:624-633

Ding W, Cai Z, Tsuruta H (2004) Methane concentration
and emission as affected by methane transport capac-
ity of plants in freshwater marsh. Water Air Soil Pollut
158:99-111. https://doi.org/10.1023/B:WATE.00000
44836.71634.3d

dos Santos M, Pinto R, Weigelhofer G, Diaz-Pines E et al
(2020) River-floodplain restoration and hydrological
effects on GHG emissions: Biogeochemical dynamics
in the parafluvial zone. Sci Total Environ 715:136980.
https://doi.org/10.1016/j.scitotenv.2020.136980

Dybala KE, Matzek V, Gardali T, Seavy NE (2019) Carbon
sequestration in riparian forests: a global synthesis and
meta-analysis. Glob Change Biol 25:57-67. https://doi.
org/10.1111/gcb.14475

Epron D, Farque L, Lucot E, Badot PM (1999) Soil CO,
efflux in a beech forest: the contribution of root respira-
tion. Ann for Sci 56:289-295

Fan S, Yoh M (2020) Nitrous oxide emissions in propor-
tion to nitrification in moist temperate forests. Bio-
geochemistry  148:223-236.  https://doi.org/10.1007/
$10533-020-00655-w

FAO (1998) World Reference Base for Soil Resources. Food
and Agriculture Organization of the United Nations,
Rome

Fender A-C, Gansert D, Jungkunst HF et al (2013) Root-
induced tree species effects on the source/sink strength
for greenhouse gases (CH,, N,O and CO,) of a temper-
ate deciduous forest soil. Soil Biol Biochem 57:587—
597. https://doi.org/10.1016/j.s0ilbio.2012.08.004

Figueiredo V, Pangala S, Paecock M, et al (2019) Contribu-
tion of trees to the N,O budget of Amazon floodplain
forest. In: Geophysical Research Abstracts (21). pp
EGU2019-18212

Formanek P, Ambus P (2004) Assessing the use of 8'3C nat-
ural abundance in separation of root and microbial res-
piration in a Danish beech (Fagus sylvatica L.) forest.
Rapid Commun Mass Spectrom 18:897-902. https://doi.
org/10.1002/rcm.1424

Forshay K, Stanley E (2005) Rapid nitrate loss and denitrifi-
cation in a temperate river floodplain. Biogeochemistry
75:43—64. https://doi.org/10.1007/s10533-004-6016-4

Gatica G, Fernandez ME, Juliarena MP, Gyenge J (2020)
Environmental and anthropogenic drivers of soil meth-
ane fluxes in forests: global patterns and among-biomes
differences. Glob Change Biol 26:6604-6615. https://
doi.org/10.1111/gcb.15331

Gower ST, McMurtrie RE, Murty D (1996) Aboveground
net primary production decline with stand age: potential
causes. Trends Ecol Evol 11:378-382. https://doi.org/
10.1016/0169-5347(96)10042-2

Gundersen P, Schmidt IK, Raulund-Rasmussen K (2006)
Leaching of nitrate from temperate forests effects of air
pollution and forest management. Environ Rev 14:1-57

Hefting M, Clément JC, Dowrick D et al (2004) Water table
elevation controls on soil nitrogen cycling in riparian
wetlands along a European climatic gradient. Biogeo-
chemistry 67:113-134. https://doi.org/10.1023/b:biog.
0000015320.69868.33

Hefting MM, Bobbink R, Janssens MP (2006) Spatial vari-
ation in denitrification and N,O emission in relation
to nitrate removal efficiency in a N-stressed Riparian

@ Springer


https://doi.org/10.1029/JD095iD10p16773
https://doi.org/10.1029/JD095iD10p16773
https://doi.org/10.1016/j.scitotenv.2012.04.026
https://doi.org/10.1016/j.scitotenv.2012.04.026
https://doi.org/10.1002/2014JG002817
https://doi.org/10.1002/ece3.34
https://doi.org/10.1002/ece3.34
https://doi.org/10.1023/A:1003126601466
https://doi.org/10.1034/j.1600-0889.1990.00002.x
https://doi.org/10.2134/jeq2000.00472425002900010034x
https://doi.org/10.2134/jeq2000.00472425002900010034x
https://doi.org/10.1029/2011jg001799
https://doi.org/10.1029/2011jg001799
https://doi.org/10.1007/s10533-010-9563-x
https://doi.org/10.1007/s10533-010-9563-x
https://doi.org/10.1023/B:WATE.0000044836.71634.3d
https://doi.org/10.1023/B:WATE.0000044836.71634.3d
https://doi.org/10.1016/j.scitotenv.2020.136980
https://doi.org/10.1111/gcb.14475
https://doi.org/10.1111/gcb.14475
https://doi.org/10.1007/s10533-020-00655-w
https://doi.org/10.1007/s10533-020-00655-w
https://doi.org/10.1016/j.soilbio.2012.08.004
https://doi.org/10.1002/rcm.1424
https://doi.org/10.1002/rcm.1424
https://doi.org/10.1007/s10533-004-6016-4
https://doi.org/10.1111/gcb.15331
https://doi.org/10.1111/gcb.15331
https://doi.org/10.1016/0169-5347(96)10042-2
https://doi.org/10.1016/0169-5347(96)10042-2
https://doi.org/10.1023/b:biog.0000015320.69868.33
https://doi.org/10.1023/b:biog.0000015320.69868.33

Biogeochemistry

Buffer Zone. Ecosystems 9:550-563. https://doi.org/10.
1007/s10021-006-0160-8

Hein T, Schwarz U, Habersack H et al (2016) Current status
and restoration options for floodplains along the Danube
River. Sci Total Environ 543:778-790. https://doi.org/
10.1016/j.scitotenv.2015.09.073

Huber B, Luster J, Bernasconi SM et al (2012) Nitrate leach-
ing from short-hydroperiod floodplain soils. Biogeo-
sciences 9:4385-4397

IPCC, 2021: Climate Change 2021: The Physical Science
Basis. Contribution of Working Group I to the Sixth
Assessment Report of the Intergovernmental Panel on Cli-
mate Change. In :Masson-Delmotte V, Zhai P, Pirani A,
Connors SL, Péan C, Berger S, Caud N, Chen Y, Goldfarb
L, Gomis MI, Huang M, Leitzell K, Lonnoy E, Matthews
JBR, Maycock TK, Waterfield T, Yelek¢i O, Yu R, Zhou
B (eds.) Cambridge University Press. In Press

Itoh M, Ohte N, Koba K et al (2007) Hydrologic effects on
methane dynamics in riparian wetlands in a temperate for-
est catchment. J Geophys Res Biogeosci. https://doi.org/
10.1029/2006JG000240

Jacinthe PA (2015) Carbon dioxide and methane fluxes in var-
iably-flooded riparian forests. Geoderma 241-242:41-50.
https://doi.org/10.1016/j.geoderma.2014.10.013

Kassambara A (2021) Pipe-friendly framework for basic sta-
tistical tests [R Package Rstatix Version 0.7. 0]. Febru-
ary https://www.mranmicrosoftcom/web/packages/rstatix/
indexhtml

Keeling CD (1958) The concentration and isotopic abundances
of atmospheric carbon dioxide in rural areas. Geochim
Cosmochim Acta 13:322-334

Kesik M, Ambus P, Baritz R et al (2005) Inventories of
N,O and NO emissions from European forest soils.
Biogeosciences  2:353-375.  https://doi.org/10.5194/
bg-2-353-2005

Kim D-G, Vargas R, Bond-Lamberty B, Turetsky MR (2012)
Effects of soil rewetting and thawing on soil gas fluxes:
a review of current literature and suggestions for future
research. Biogeosciences 9:2459-2483. https://doi.org/10.
5194/bg-9-2459-2012

Kitzler B, Zechmeister-Boltenstern S, Holtermann C et al
(2006) Nitrogen oxides emission from two beech forests
subjected to different nitrogen loads. Biogeosciences
3:293-310. https://doi.org/10.5194/bg-3-293-2006

Krause S, Lewandowski J, Grimm NB et al (2017) Ecohydro-
logical interfaces as hot spots of ecosystem processes.
Water Resour Res 53:6359-6376. https://doi.org/10.1002/
2016WR019516

Ley M, Lehmann MF, Niklaus PA, Luster J (2018) Alteration
of nitrous oxide emissions from floodplain soils by aggre-
gate size, litter accumulation and plant—soil interactions.
Biogeosciences 15:7043-7057

Macdonald JA, Fowler D, Hargreaves KJ et al (1998) Meth-
ane emission rates from a northern wetland; response to
temperature, water table and transport. Atmos Environ
32:3219-3227. https://doi.org/10.1016/S1352-2310(97)
00464-0

Minnisto E, Korrensalo A, Alekseychik P et al (2019)
Multi-year methane ebullition measurements from
water and bare peat surfaces of a patterned boreal bog.

@ Springer

Biogeosciences 16:2409-2421. https://doi.org/10.5194/
bg-16-2409-2019

McClain ME, Boyer EW, Dent CL et al (2003) Biogeochemical
hot spots and hot moments at the interface of terrestrial
and aquatic ecosystems. Ecosystems 6:301-312. https://
doi.org/10.1007/s10021-003-0161-9

Medinets S, Gasche R, Skiba U et al (2016) Cold season soil
NO fluxes from a temperate forest: drivers and contribu-
tion to annual budgets. Environ Res Lett 11:114012

Megonigal JP, Conner WH, Kroeger S, Sharitz RR (1997)
Aboveground production in southeastern floodplain for-
ests: a test of the subsidy—stress hypothesis. Ecology
78:370-384. https://doi.org/10.1890/0012-9658(1997)
078[0370:APISFF]2.0.CO;2

Metcalfe DB, Meir P, Aragdao LEOC et al (2007) Factors con-
trolling spatio-temporal variation in carbon dioxide efflux
from surface litter, roots, and soil organic matter at four
rain forest sites in the eastern Amazon. J Geophys Res
Biogeosci. https://doi.org/10.1029/2007JG000443

Moldaschl E, Kitzler B, Machacova K, et al (2021) Stem CH,
and N,O fluxes of Fraxinus excelsior and Populus alba
trees along a flooding gradient. Plant Soil 1-14

Mgrkved PT, Dorsch P, Bakken LR (2007) The N,O product
ratio of nitrification and its dependence on long-term
changes in soil pH. Soil Biol Biochem 39:2048-2057.
https://doi.org/10.1016/j.s0ilbio.2007.03.006

Mortensen J, Hauge Nielsen K, J@rgensen U (1998) Nitrate
leaching during establishment of willow (Salix viminalis)
on two soil types and at two fertilization levels. Biomass
Bioenerg 15:457-466. https://doi.org/10.1016/S0961-
9534(98)00056-7

Oishi AC, Palmroth S, Butnor JR et al (2013) Spatial and tem-
poral variability of soil CO, efflux in three proximate
temperate forest ecosystems. Agric for Meteorol 171-—
172:256-269.  https://doi.org/10.1016/j.agrformet.2012.
12.007

Pangala SR, Hornibrook ERC, Gowing DJ, Gauci V (2015)
The contribution of trees to ecosystem methane emis-
sions in a temperate forested wetland. Glob Change Biol
21:2642-2654

Pangala SR, Moore S, Hornibrook ERC, Gauci V (2013) Trees
are major conduits for methane egress from tropical for-
ested wetlands. New Phytol 197:524-531. https://doi.org/
10.1111/nph.12031

Parkin TB, Venterea RT, Hargreaves SK (2012) Calculating the
detection limits of chamber-based soil greenhouse gas flux
measurements. J Environ Qual 41:705-715. https://doi.
org/10.2134/jeq2011.0394

Petrakis S, Seyfferth A, Kan J et al (2017) Influence of experi-
mental extreme water pulses on greenhouse gas emissions
from soils. Biogeochemistry 133:147-164. https://doi.org/
10.1007/s10533-017-0320-2

Pinay G, Black V], Planty-Tabacchi AM et al (2000) Geomor-
phic control of denitrification in large river floodplain
soils. Biogeochemistry 50:163-182. https://doi.org/10.
1023/a:1006317004639

Pitz SL, Megonigal JP, Chang C-H, Szlavecz K (2018) Meth-
ane fluxes from tree stems and soils along a habitat gra-
dient. Biogeochemistry 137:307-320. https://doi.org/10.
1007/s10533-017-0400-3


https://doi.org/10.1007/s10021-006-0160-8
https://doi.org/10.1007/s10021-006-0160-8
https://doi.org/10.1016/j.scitotenv.2015.09.073
https://doi.org/10.1016/j.scitotenv.2015.09.073
https://doi.org/10.1029/2006JG000240
https://doi.org/10.1029/2006JG000240
https://doi.org/10.1016/j.geoderma.2014.10.013
https://www.mranmicrosoftcom/web/packages/rstatix/indexhtml
https://www.mranmicrosoftcom/web/packages/rstatix/indexhtml
https://doi.org/10.5194/bg-2-353-2005
https://doi.org/10.5194/bg-2-353-2005
https://doi.org/10.5194/bg-9-2459-2012
https://doi.org/10.5194/bg-9-2459-2012
https://doi.org/10.5194/bg-3-293-2006
https://doi.org/10.1002/2016WR019516
https://doi.org/10.1002/2016WR019516
https://doi.org/10.1016/S1352-2310(97)00464-0
https://doi.org/10.1016/S1352-2310(97)00464-0
https://doi.org/10.5194/bg-16-2409-2019
https://doi.org/10.5194/bg-16-2409-2019
https://doi.org/10.1007/s10021-003-0161-9
https://doi.org/10.1007/s10021-003-0161-9
https://doi.org/10.1890/0012-9658(1997)078[0370:APISFF]2.0.CO;2
https://doi.org/10.1890/0012-9658(1997)078[0370:APISFF]2.0.CO;2
https://doi.org/10.1029/2007JG000443
https://doi.org/10.1016/j.soilbio.2007.03.006
https://doi.org/10.1016/S0961-9534(98)00056-7
https://doi.org/10.1016/S0961-9534(98)00056-7
https://doi.org/10.1016/j.agrformet.2012.12.007
https://doi.org/10.1016/j.agrformet.2012.12.007
https://doi.org/10.1111/nph.12031
https://doi.org/10.1111/nph.12031
https://doi.org/10.2134/jeq2011.0394
https://doi.org/10.2134/jeq2011.0394
https://doi.org/10.1007/s10533-017-0320-2
https://doi.org/10.1007/s10533-017-0320-2
https://doi.org/10.1023/a:1006317004639
https://doi.org/10.1023/a:1006317004639
https://doi.org/10.1007/s10533-017-0400-3
https://doi.org/10.1007/s10533-017-0400-3

Biogeochemistry

Pugh CA, Reed DE, Desai AR, Sulman BN (2018) Wetland
flux controls: how does interacting water table levels and
temperature influence carbon dioxide and methane fluxes
in northern Wisconsin? Biogeochemistry 137:15-25.
https://doi.org/10.1007/s10533-017-0414-x

Rieger I, Kowarik I, Cierjacks A (2015) Drivers of car-
bon sequestration by biomass compartment of ripar-
ian forests. Ecosphere 6:art185. https://doi.org/10.1890/
ES14-00330.1

Ruehr NK, Buchmann N (2010) Soil respiration fluxes in a
temperate mixed forest: seasonality and temperature sensi-
tivities differ among microbial and root-rhizosphere respi-
ration. Tree Physiol 30:165-176. https://doi.org/10.1093/
treephys/tpp106

Samaritani E, Shrestha J, Fournier B et al (2011) Heterogene-
ity of soil carbon pools and fluxes in a channelized and
a restored floodplain section (Thur River, Switzerland).
Hydrol Earth Syst Sci Discuss 8:1059-1091. https://doi.
org/10.5194/hessd-8-1059-2011

Schiemer F, Baumgartner C, Tockner K (1999) Restoration of
floodplain rivers: the’danube restoration project’. Regul
Rivers: Res Manage 15:231-244

Schindlbacher A, Borken W, Djukic I et al (2015) Contribution
of carbonate weathering to the CO, efflux from temper-
ate forest soils. Biogeochemistry 124:273-290. https://doi.
org/10.1007/s10533-015-0097-0

Schindler T, Mander U, Machacova K et al (2020) Short-term
flooding increases CH, and N,O emissions from trees in
a riparian forest soil-stem continuum. Sci Rep 10:1-10.
https://doi.org/10.1038/s41598-020-60058-7

Schloerke B, Crowley J, Cook D, et al (2018) GGally: exten-
sion to ‘ggplot2’. R package version 1.4. 0. R Foundation
for Statistical Computing

Shrestha J, Niklaus PA, Pasquale N et al (2014) Flood pulses
control soil nitrogen cycling in a dynamic river floodplain.
Geoderma  228-229:14-24.  https://doi.org/10.1016/j.
geoderma.2013.09.018

Silverthorn TK, Richardson JS (2021) Temporal and micro-
topographical variations in greenhouse gas fluxes
from riparian forest soils along headwater streams.

Biogeochemistry 155:401-412. https://doi.org/10.1007/
$10533-021-00832-5

Simek M, Jisova L, Hopkins DW (2002) What is the so-called
optimum pH for denitrification in soil? Soil Biol Biochem
34:1227-1234

Singer MB, Stella JC, Dufour S et al (2013) Contrasting water-
uptake and growth responses to drought in co-occurring
riparian tree species. Ecohydrology 6:402—412. https://
doi.org/10.1002/eco0.1283

Soosaar K, Mander U, Maddison M et al (2011) Dynamics of gas-
eous nitrogen and carbon fluxes in riparian alder forests. Ecol
Eng 37:40-53. https://doi.org/10.1016/j.ecoleng.2010.07.025

Warner DL, Bond-Lamberty B, Jian J et al (2019) Spatial
predictions and associated uncertainty of annual soil res-
piration at the global scale. Global Biogeochem Cycles
33:1733-1745. https://doi.org/10.1029/2019GB006264

Welch B, Gauci V, Sayer EJ (2019) Tree stem bases are sources
of CH, and N,O in a tropical forest on upland soil dur-
ing the dry to wet season transition. Glob Change Biol
25:361-372. https://doi.org/10.1111/gcb.14498

Welti N, Bondar-Kunze E, Singer G et al (2012) Large-scale
controls on potential respiration and denitrification in riv-
erine floodplains. Ecol Eng 42:73-84. https://doi.org/10.
1016/j.ecoleng.2012.02.005

Werth M, Kuzyakov Y (2010) 13C fractionation at the root-
microorganisms-soil interface: a review and outlook for
partitioning studies. Soil Biol Biochem 42:1372-1384.
https://doi.org/10.1016/j.s0ilbio.2010.04.009

Zehetner F, Lair GJ, Gerzabek MH (2009) Rapid carbon accre-
tion and organic matter pool stabilization in riverine
floodplain soils. Global Biogeochem Cycles. https://doi.
org/10.1029/2009GB003481

Zentralanstalt fiir Meteorologie und Geodynamik (2020) Cli-
mate Data - Annals. https://www.zamg.ac.at/cms/de/
klima/klimauebersichten/jahrbuch. Accessed 20 Apr 2020

Publisher’s Note Springer Nature remains neutral with regard
to jurisdictional claims in published maps and institutional
affiliations.

@ Springer


https://doi.org/10.1007/s10533-017-0414-x
https://doi.org/10.1890/ES14-00330.1
https://doi.org/10.1890/ES14-00330.1
https://doi.org/10.1093/treephys/tpp106
https://doi.org/10.1093/treephys/tpp106
https://doi.org/10.5194/hessd-8-1059-2011
https://doi.org/10.5194/hessd-8-1059-2011
https://doi.org/10.1007/s10533-015-0097-0
https://doi.org/10.1007/s10533-015-0097-0
https://doi.org/10.1038/s41598-020-60058-7
https://doi.org/10.1016/j.geoderma.2013.09.018
https://doi.org/10.1016/j.geoderma.2013.09.018
https://doi.org/10.1007/s10533-021-00832-5
https://doi.org/10.1007/s10533-021-00832-5
https://doi.org/10.1002/eco.1283
https://doi.org/10.1002/eco.1283
https://doi.org/10.1016/j.ecoleng.2010.07.025
https://doi.org/10.1029/2019GB006264
https://doi.org/10.1111/gcb.14498
https://doi.org/10.1016/j.ecoleng.2012.02.005
https://doi.org/10.1016/j.ecoleng.2012.02.005
https://doi.org/10.1016/j.soilbio.2010.04.009
https://doi.org/10.1029/2009GB003481
https://doi.org/10.1029/2009GB003481
https://www.zamg.ac.at/cms/de/klima/klimauebersichten/jahrbuch
https://www.zamg.ac.at/cms/de/klima/klimauebersichten/jahrbuch

	Soil greenhouse gas fluxes in floodplain forests of the Danube National Park: effects of flooding and soil microclimate
	Abstract 
	Introduction
	Materials and methods
	Site description
	Soil parameters
	Environmental parameters
	Soil solution and surface water chemistry
	Soil greenhouse gas measurements
	Data analyses

	Results
	Soil physico-chemical parameters
	Climate, flooding, and the soil environment
	Soil solution and surface water chemistry
	Soil greenhouse gas fluxes and concentrations
	Carbon dioxide
	Methane
	Nitrous oxide


	Discussion
	Carbon dioxide fluxes
	Methane fluxes
	Nitrous oxide fluxes

	Conclusions
	Acknowledgements 
	References




